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Abstract

While the high species diversity of tropical arthropod communities has often been

linked to marked spatial heterogeneity, their temporal dynamics have received little

attention. This study addresses this gap by examining spatio-temporal variation in the

arthropod communities of a tropical montane forest in Honduras. By employing DNA

barcode analysis and Malaise trap sampling across 4 years and five sites, 51,596 speci-

mens were assigned to 8,193 presumptive species. High beta diversity was linked

more strongly to elevation than geographic distance, decreasing by 12% when only

the dominant species were considered. When sampling effort was increased by

deploying more traps at a site, beta diversity only decreased by 2%, but extending

sampling across years decreased beta diversity by 27%. Species inconsistently

detected among years, likely transients from other settings, drove the low similarity in

species composition among traps only a few metres apart. The dominant, temporally

persistent species substantially influenced the cyclic pattern of change in community

composition among years. This pattern likely results from divergence–convergence

dynamics, suggesting a stable baseline of temporal turnover in each community. The

overall results establish that large sample sizes are necessary to reveal species rich-

ness, but are not essential for quantifying beta diversity. This study further highlights

the need for standardized methods of sampling and species identification to generate

the comparative data required to evaluate biodiversity change in space and time.
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1 | INTRODUCTION

Recent evidence for substantial declines in the species richness, and

biomass of arthropod communities reinforces the need for expanded

monitoring (Dirzo et al., 2014; Hallmann et al., 2017). Ideally, such

work requires knowledge of species composition, but the hyperdiver-

sity of tropical communities means that species lists are never com-

prehensive. Because exhaustive species inventories cannot be

achieved, even with large-scale sampling (Basset et al., 2012), assess-

ments of tropical biodiversity have relied on estimating diversity using

incomplete abundance or incidence data (Gotelli & Colwell, 2010). In

such analyses, variation among compositionally distinct sampling

units, that is, beta diversity, is often overlooked, although the esti-

mated number of species typically increases as samples are taken at

different sites and times. There has been a resurgence of interest in

beta diversity, motivated by its pivotal role in structuring communities

and a new awareness of how local processes contribute to regional

diversity (Buckley & Jetz, 2008). While tropical biodiversity surveys

cannot fully document species richness, the study of spatio-temporal

variation underlying beta diversity represents an important first step

in understanding why tropical communities are so diverse (Magurran

& Queiroz, 2010).
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Effective species turnover, a key component of beta diversity,

quantifies the change in species composition among distinct sampling

units (Tuomisto, 2010a). Based on correlations with environmental

and geographic distance, both niche-based and neutral processes have

been linked to spatial variation in effective species turnover (Soininen,

McDonald, & Hillebrand, 2007). More recently, the same approach

has been extended to consider species turnover with time, that is,

temporal turnover (Basset et al., 2015; Hatosy et al., 2013; Matsuoka,

Kawaguchi, & Osono, 2016), with the goal of quantifying shifts in

community composition over time frames that are too short for auto-

correlation approaches (Collins, Micheli, & Hartt, 2000). Viewed from

a temporal perspective, a community can be either stable or it can

exhibit directional change, diverging from or converging towards its

original state. In some situations, a combination of divergence and

convergence dynamics results in cyclic patterns that follow environ-

mental perturbations (Magalh~aes, Beja, Schlosser, & Collares-Pereira,

2007). However, because temporal turnover has received so little

study, the baseline data needed to distinguish natural from anthro-

pogenic change are lacking (Magurran, 2016; Mihoub et al., 2017).

The perceived extent of temporal change in community composi-

tion reflects the impacts of both random sampling over short time

intervals and colonization–extinction dynamics of species in response

to succession, environmental change and other metapopulation pro-

cesses over longer intervals (Dornelas et al., 2014; Henry & Cum-

ming, 2016). Metacommunity theory recognizes the importance of

“species sorting” where organisms track environmental variation over

space via dispersal (Chase & Leibold, 2003). Reflecting such tracking,

the core-transient hypothesis proposes that the species in a commu-

nity can be partitioned into two groups: core species are typically

abundant and sustain local populations through time, while transient

species are both uncommon and are encountered sporadically as

their presence reflects dispersal from other settings (Grinnell, 1922;

Magurran & Henderson, 2003). Transients show elevated levels of

temporal turnover (Costello & Myers, 1996) and differing abundance

patterns (Ulrich & Ollik, 2004) from core species. Distinguishing tem-

poral turnover in these groups is crucial to understand biodiversity

change (Dornelas et al., 2013; Magurran & Henderson, 2010) and to

develop action plans (Hercos, Sobansky, Queiroz, & Magurran,

2012).

Few studies have evaluated temporal turnover in arthropod com-

munities because information on species composition has rarely

been collected in a consistent fashion (Magurran et al., 2010).

Instead, data sets vary in sampling methodology, intensity and inter-

val, as well as taxonomic resolution, impeding comparison among

studies. Malaise traps are an ideal approach for standardizing sam-

pling efforts. They are cost- and time-effective, particularly for flying

insects, but they also sample ground-dwelling Collembola and Arach-

nida well enough to differentiate biotopes (Oxbrough, Gittings, Kelly,

& O’Halloran, 2010). In a similar fashion, DNA barcoding represents

the best way to standardize the identification of arthropod commu-

nities (Aagaard et al., 2017; Geiger et al., 2016; Morini�ere et al.,

2016) because it enables the objective assignment of specimens to a

Barcode Index Number (BIN), a robust proxy for species, permitting

the identification of all taxa, even those that are undescribed

(Ratnasingham & Hebert, 2013).

Malaise traps are particularly well suited for examining spatio-

temporal variation in beta diversity because sampling effort can be

standardized by their deployment for a fixed interval. Admittedly,

more information is needed on the ability of single Malaise traps to

sample a local arthropod community. If sampling is incomplete, spe-

cies shared by habitats will be missed, inflating estimates of beta

diversity (Chao, Chazdon, Colwell, & Shen, 2005). Although studies

in temperate ecosystems have revealed that replicate traps are

essential to avoid undersampling and underestimation of species

richness (Fraser, Dytham, & Mayhew, 2008; McCravy, 2017), the

effects on beta diversity patterns have not been evaluated, particu-

larly within tropical ecosystems (Missa et al., 2009).

This study assesses the species diversity of all arthropods col-

lected by a network of Malaise traps deployed within a tropical mon-

tane forest. In addition, it examines how temporal dynamics affect

beta diversity in this region. Specifically, Malaise traps were

deployed for 4 years at two sites and at five sites in total to investi-

gate three main questions. First, do Malaise traps effectively sample

the diverse arthropod communities in tropical ecosystems? Specifi-

cally, does a single Malaise trap sample a representative proportion

of the community, making it possible to ascertain beta diversity or

does an increase in sampling effort (e.g., deploying more traps at a

site) shift diversity values? Second, can single Malaise traps detect

shifts in species diversity across the dominant environmental gradi-

ent (elevation) structuring tropical montane communities? Finally,

how dynamic are tropical arthropod communities over time? In par-

ticular, is the abundance of a species related to its temporal persis-

tence as predicted by the core-transient hypothesis? If so, how do

patterns of species diversity and temporal turnover differ in the

community and between these two groups?

2 | MATERIALS AND METHODS

2.1 | Study location

The study was conducted in Cusuco National Park (15°32031″N,

88°15049″W), a tropical montane forest in the Merend�on mountains

of north-western Honduras (Figure S1a) with a mean annual precipi-

tation of approximately 2,500 mm (Baker, 1994), most falling during

the wet season (May–November). This study deployed traps from

mid-June to early August 2012–2015 (Figure S2). The interior

76.9-km2 core zone of the park ranges in elevation from 1,000 m to

2,425 m a.s.l., and the forest is dominated by mixed broadleaved and

pine trees including species of Liquidambar (Altingiaceae), Pinus (Pina-

ceae) and Quercus (Fagaceae) (Batke, Cascante-Mar�ın, & Kelly, 2016).

2.2 | Sampling programme

Specimens were collected using bicoloured, Townes-style Malaise

traps (Figure S3) that were deployed in a varied spatio-temporal

framework across 4 years and five sites (Figure S1b). Each trap was
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positioned within an undisturbed, broadleaved forest site with its

bottle-end westward. 95% ethanol was employed as a preservative,

and samples were collected weekly (x � SE: 6.70 � 0.004 days). The

ethanol was refreshed after each bottle was removed from the field,

and samples were stored away from direct sunlight.

The five sites were located along an 800-m elevational gradient

with two at 1,200 m, two at 1,600 m and one at 2,000 m

(Table S1). Two sites on the eastern side of the park, Base Camp

(1,600 m) and Guanales (1,219 m), were sampled for four consecu-

tive years (2012–2015) to examine the temporal dynamics of the

communities. One Malaise trap was deployed at each site for

6–8 weeks (11 June–7 August) from 2012 to 2014. Sampling effort

was intensified in 2015 to examine the variability in species compo-

sition among three Malaise traps placed about 5 m apart, deployed

along a diagonal line at the centre of each site. Traps were labelled

BC1-3 and GU1-3, and sampling was sustained for 8 weeks, except

for GU3 which was destroyed after 5 weeks by a tree fall. To fur-

ther examine elevational variation, another eastern site, Cantiles

(2,028 m), was sampled for the same 8 weeks in 2014 and 2015.

Finally, two sites on the western side of the park, Cortecito

(1,196 m) and Danto (1,607 m), were sampled for 5 weeks (27

June–28 July) in 2014 to provide data for sites at similar elevation

to Base Camp and Guanales. In total, sampling extended for

749 days, yielding 113 samples. The three eastern sites averaged

2.53 km apart, the two western sites were 3.01 km apart, while the

eastern and western sites averaged 7.77 km (range: 5.16–10.6 km)

apart in horizontal distance (Figure S1b).

2.3 | Specimen sorting and DNA barcoding

All specimens were identified to an order, arrayed, labelled and data-

based. Large-bodied specimens were pinned, and a leg was removed

for analysis, while small-bodied specimens were placed directly into

96-well plates and recovered after DNA extraction. All DNA barcode

analyses were carried out using standard protocols at the Canadian

Centre for DNA Barcoding (http://ccdb.ca/resources/). Sequences

from the specimens were uploaded to the Barcode of Life Data Sys-

tems (BOLD; http://v4.boldsystems.org/) where they were automati-

cally assigned to an existing or new BIN (Ratnasingham & Hebert,

2007, 2013). When available, a few representatives of each BIN

were photographed and images were subsequently uploaded to BOLD.

With very few exceptions, each specimen was assigned to at least a

family, based on the specimen’s membership in a previously identi-

fied BIN or by morphological inspection. As BIN assignments are

dynamic, all data were downloaded on 12 June 2017 and analyses

reflect their assignments at that time.

2.4 | Estimating species richness and sample
completeness

An asymptotic species richness estimator (Sest), Chao1, was deter-

mined for the arthropod community in the region, at a site and in each

year, as well as for each trap, for every pairwise combination of traps

and for all three traps at a site (R vegan: estimateR). As a nonparamet-

ric statistic which employs the number of singletons and doubletons

to estimate species richness, Chao1 is less sensitive to small sample

sizes than other diversity metrics (Chao, Colwell, Lin, & Gotelli, 2009).

The additional sample sizes needed to detect 90%, 95% and 100% of

Sest were calculated based on the probability that each additional

specimen would represent a previously undetected species (Chao

et al., 2009). As well, species accumulation and sample completeness

curves based on the number of individuals were constructed and

extrapolated to twice the actual sample size (greater extrapolation

creates values with prediction bias; R iNEXT). Sample completeness

estimates the proportion of the total specimens in the region that

belong to the species sampled (Chao et al., 2014). While the estima-

tion of species richness in diverse communities is statistically difficult,

sample completeness can be estimated more accurately.

2.5 | Measuring species diversity

Species diversity (qD) was measured as the inverse of the weighted

mean of the proportional species abundances (Tuomisto, 2010a). This

is the number of effective species, that is, the number of species if all

were equally abundant. The weighted mean is calculated with the

exponent q that alters the relative weight given to rare vs. abundant

species; q < 1 de-emphasizes abundance differences among species

giving rare species more weight, q = 1 gives each species a weight rel-

ative to its proportional abundance, and q > 1 enhances abundance

differences by assigning abundant species more weight. Diversity is

highest when species abundances are equal while the higher the

unevenness in species abundances, the steeper the decline in diversity

with increasing q. In each analysis, this aspect of community structure

was examined by comparing how patterns changed when species

diversity was quantified for q = 0, 1 and 2. The measure 0D weights

species equally and represents the species richness of the data set, 1D

counts individuals equally and represents the effective number of

common species in the data set, and 2D emphasizes species with the

highest proportional abundances and represents the effective number

of dominant taxa in the data set (Chao et al., 2014).

Hierarchical diversity partitioning enables an assessment of how

each spatial and temporal component contributes to total species

diversity (Tuomisto, 2010a). This approach was used to partition the

total species diversity in the data set (gamma diversity qDc) into its

alpha (qDa) as well as its temporal (qDb1) and spatial beta (qDb2) com-

ponents (qDc = qDa * qDb1 * qDb2) (R vegan: multipart). Alpha diver-

sity qDa is the number of effective species per compositional unit,

while beta diversity qDb is the number of compositional units, repre-

senting distinct sampling units that share no effective species but

with the same average effective species diversity as the actual sam-

pling units (Tuomisto, 2010a). It has a minimum value of 1.0 when

all effective species are shared and a maximum value equivalent to

the number of sampling units when no effective species are shared.

Additionally, to examine the relative contributions of explanatory

factors to variation in beta diversity, compositional similarity mea-

sures (qC) for q = 0, 1 and 2 were calculated between samples (R
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vegetarian: sim.table) (Jost, 2006). 0C and 2C yield the commonly

used Sørensen and Morisita–Horn indices, respectively. The one

complement (1–qC) of these indices are linear transformations of

effective species turnover measures (Tuomisto, 2010a). While qC is

employed to interpret how compositional overlap varies with q, 1C

(Horn index) is not directly used to express temporal turnover in the

interpretation of results as it does not measure effective species

turnover (Tuomisto, 2010a).

2.6 | Assessing spatio-temporal beta diversity
patterns

Taxon diversity and composition were examined for all 113 samples

before addressing the three main questions of the study. All values

are presented as mean � SE, and all analyses were carried out in

R ver. 3.3.2 (R Development Core Team, 2016).

2.6.1 | Effectively sampling the diverse arthropod
communities of tropical ecosystems

To examine the effect of varied numbers of Malaise traps on estimates

of beta diversity, all specimens from the six Malaise traps at Base

Camp and Guanales in 2015 were considered. Total species diversity

in the region (qDc) was partitioned into the number of effective spe-

cies per compositionally distinct week (qDa1) and site (qDa2), and the

effective number of compositionally distinct weeks (qDb1) and sites

(qDb2). If a single Malaise trap samples a representative proportion of

the community, beta diversity values will be unaffected by the number

of traps deployed. To test this prediction, diversity values were com-

pared for individual traps (three traps per site = nine comparisons

between sites), for every pairwise combination (three-trap combina-

tions per site = nine comparisons between sites) and for all three (one

comparison between sites). To determine whether processes beyond

random sampling were important in explaining each partitioned com-

ponent, the observed diversity values were compared to those

expected by individual-based randomization (R vegan: commsim) cal-

culated by generating 1,000 random communities, that is, randomizing

species occurrence within each sampling unit while maintaining the

species richness of the sampling unit and the community.

2.6.2 | Detecting shifts in diversity across the
dominant environmental gradient (elevation)

To test the capacity of a single trap to detect patterns along an eleva-

tional gradient, results from one trap at each of the five sites were

examined. Because elevation is typically the dominant factor structur-

ing species composition in montane communities (Garc�ıa-Robledo,

Kuprewicz, Staines, Erwin, & Kress, 2016), compositional dissimilarity

should be low among samples from a site, and among sites at a partic-

ular elevation, even when they are some distance apart. To test this

prediction, nonmetric multidimensional scaling (NMDS) was used to

visualize compositional dissimilarity (1–qC). This ordination was opti-

mized for two dimensions (R MASS: metaMDS) with permutational

analysis of variance (PERMANOVA) used to test for significant differences

among samples with elevation and year as factors (R vegan: adonis).

2.6.3 | Assessing the temporal dynamics of tropical
arthropod communities

To explore temporal dynamics, all specimens at the two sites (Base

Camp and Guanales) sampled for 4 years were considered. Variabil-

ity in the abundance of individual species was quantified using the

coefficient of variation (CV = r/l), where r is the standard devia-

tion of the species’ abundances over time and l is its mean. To

examine spatio-temporal effects on overall compositional hetero-

geneity, total species diversity (qDc) was partitioned into the number

of effective species per compositionally distinct year (qDa1) and site

(qDa2), and the effective number of compositionally distinct years

(qDb1) and sites (qDb2).

In addition, the rate of change in temporal turnover (Level 2

regression sensu Tuomisto, 2010b) was examined using distance–

decay graphs where temporal turnover, expressed as compositional

similarity (qC) between samples over time, was regressed onto tem-

poral distance (D time). This was done separately for temporal turn-

over within a year (intra-annual data set) and between years

(interannual data set). For the intra-annual analysis, qC was calculated

between samples within a year, pooled among all four years and

plotted against the distance in time (D days). For the interannual

analysis, qC was calculated between samples within and between

years and plotted against the distance in time (D years). This form of

time lag regression can be used to determine whether communities

are undergoing directional change or cyclic patterns (Collins et al.,

2000). A significant linear model with a negative slope indicates the

community has diverged from its original state, either directionally in

response to internal or external factors, or autocorrelated stochastic

variability. By contrast, a significant positive slope indicates conver-

gent dynamics, reflecting a return of the community to an earlier

state in the time series. A significant quadratic term indicates a com-

bination of divergence and convergence dynamics. Akaike informa-

tion criterion values corrected for small sample sizes (AICc) were

compared to select the best descriptive model.

3 | RESULTS

3.1 | Taxon diversity and composition

The samples from all Malaise traps across the 4 years and five sites

contained 59,767 arthropods of which 51,596 specimens (86%) were

successfully sequenced (Tables 1, 2). The percentage of specimens

generating a sequence varied among arthropod orders (v2(31) = 6744,

p < .001) with substantially lower recovery for Hymenoptera (66%),

Hemiptera (66%), Archaeognatha (52%), Pseudoscorpiones (50%) and

Opiliones (38%) than for the others (Figure S4). In total, BIN analysis

of the sequences revealed 8,193 species belonging to 377 families

and 32 orders (Figure 1). While most (96%) specimens were assigned

to a family, only 1% could be identified to a Linnaean species.
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TABLE 1 Number of specimens, observed species (Sobs), estimated species richness � SE (Sest) and estimated sample size to recover a given
percentage of Sest from one trap, a combination of two traps, or all three Malaise traps at the mid- (BC) and lower-elevation (GU) sites in
Honduras in 2015

Trap

Specimens Sobs Sest � SE

Estimated specimens (X-fold increase) required to recover given % Sest

n Label 90% 95% 100%

1 GU 1 5,884 1,842 4,013 � 185 18,802 (3.2) 26,521 (4.5) 120,320 (20.4)

1 GU 2 7,259 2,260 5,186 � 231 26,370 (3.6) 36,933 (5.1) 169,554 (23.4)

1 GU 3 3,969 1,574 3,942 � 221 16,255 (4.1) 22,539 (5.7) 98,731 (24.9)

Average 5,704 � 954 1,892 � 200 4,380 � 403 20,476 (3.6) 28,664 (5.0) 129,535 (22.7)

2 GU 1, 2 13,143 3,156 6,000 � 190 33,068 (2.5) 47,809 (3.6) 236,178 (18.0)

2 GU 1, 3 9,853 2,710 5,301 � 184 25,795 (2.6) 37,067 (3.8) 178,948 (18.2)

2 GU 2, 3 11,228 2,989 5,901 � 199 26,532 (2.4) 38,735 (3.4) 192,789 (17.2)

Average 11,409 � 954 2,952 � 130 5,734 � 218 28,465 (2.5) 41,204 (3.6) 202,638 (17.8)

3 GU 1, 2, 3 17,112 3,734 6,625 � 180 37,175 (2.2) 54,663 (3.2) 280,855 (16.4)

1 BC 1 2,615 786 1,700 � 121 8,410 (3.2) 11,875 (4.5) 49,249 (18.8)

1 BC 2 1,993 724 1,806 � 150 8,234 (4.1) 11,422 (5.7) 46,116 (23.1)

1 BC 3 3,136 836 1,963 � 149 12,188 (3.9) 17,022 (5.4) 70,254 (22.4)

Average 2,578 � 330 781 � 32 1,823 � 076 9,611 (3.7) 13,440 (5.2) 55,206 (21.4)

2 BC 1, 2 4,608 1,193 2,539 � 147 14,781 (3.2) 20,923 (4.5) 91,074 (19.8)

2 BC 1, 3 5,751 1,284 2,756 � 158 19,167 (3.3) 27,097 (4.7) 118,682 (20.6)

2 BC 2, 3 5,129 1,235 2,779 � 168 18,584 (3.6) 26,095 (5.1) 112,953 (22.0)

Average 5,157 � 330 1,236 � 26 2,691 � 076 17,511 (3.4) 24,705 (4.8) 107,570 (20.9)

3 BC 1, 2, 3 7,744 1,585 3,349 � 172 25,533 (3.3) 36,184 (4.7) 162,482 (21.0)

All traps 24,856 4,908 8,754 � 212 62,669 (2.5) 90,286 (3.6) 463,318 (18.6)

Total park 51,596 8,193 14,276 � 266 113,296 (2.2) 167,481 (3.2) 933,393 (18.1)

TABLE 2 Number of specimens collected by Malaise traps at five sites in Cusuco National Park from 2012 to 2015 and the percentage of
these specimens that generated a sequence record that contributed to the species count, Sobs, and the estimated species richness � SE, Sest

Site
Elevation
(m a.s.l.) Year No. of samples

Malaise specimens

Sobs Sest � SEn Sequenced %

Cortecito 1,196 2014 5 1,786 1,357 76 702 1,901 � 162

Guanales 1,219 2012 7 3,802 3,251 86 1,274 3,224 � 196

2013 6 2,500 2,147 86 875 2,337 � 183

2014 8 3,890 3,264 84 1,262 2,866 � 164

2015 8 6,657 5,884 88 1,842 4,013 � 185

All years 29 16,849 14,546 86 3,551 7,182 � 229

Base Camp 1,600 2012 8 2,163 1,933 89 570 1,510 � 148

2013 6 2,810 2,594 92 785 2,155 � 180

2014 8 3,630 3,244 89 972 2,284 � 158

2015 8 2,998 2,615 87 786 1,700 � 121

All years 30 11,601 10,386 90 1,977 4,071 � 180

Danto 1,607 2014 5 926 816 88 349 1,008 � 133

Cantiles 2,028 2014 8 4,625 3,831 83 1,100 2,177 � 122

2015 7 5,104 4,309 84 1,089 2,202 � 130

All years 15 9,729 8,093 83 1,715 3,108 � 130

All sites 84 40,891 35,245 86 6,645 12,706 � 289

Total park 113 59,767 51,596 86 8,193 14,276 � 266
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Insects dominated the catch with 42,279 specimens (82%) and

7,561 species (92%) while Collembola and Arachnida were repre-

sented by 6,819 (13%) and 2,494 (5%) specimens, respectively.

Despite their abundance, Collembola were represented by just 148

(2%) species while there were 480 (6%) species of Arachnida.

Although Coleoptera (Staphylinidae > Curculionidae) and Collembola

(Entomobryidae > Neanuridae) included families with the greatest

number of individuals (>1,800 individuals in each), the most species-

rich families (>220 species in each) were Diptera (Cecidomyi-

idae > Phoridae > Sciaridae > Chironomidae) and Hymenoptera

(Platygastridae > Ichneumonidae > Braconidae).

The Sest indicated that 43% of the arthropod species in the sam-

pling area await capture. An estimated 167,481 specimens will require

analysis to recover 95% of the estimated 14,276 � 266 species, while

complete coverage would require analysing nearly a million (933,393)

specimens (Table 1, Figure S5a). While these estimates reflect the

many rare species (singletons: 4,015; doubletons: 1,325), the sample

completeness estimate (0.92) indicates that the “missed” species only

represent 8% of the individuals in the community.

3.2 | Effectively sampling tropical arthropods—
variance among Malaise trap samples

In total, 24,856 specimens and 4,908 species were analysed from

the six Malaise traps deployed at the two sites in 2015 (Table 1).

Overall, Sest indicated that 44% of species await capture (Table 1).

The specimens required to achieve complete coverage rose by 54%–

66% with increased sampling effort and, as a result, the species

accumulation curve for both sites did not reach an asymptote even

with the increased sampling (Figure S5b). Weekly samples at the

mid-elevation site averaged 322 � 22 specimens (range: 175–577;

Figure S6a) vs. 814 � 61 specimens (range: 428–1,566) at the

lower-elevation site (Figure S6b). The number of specimens per sam-

ple varied significantly among traps (ANOVA, F4, 33 = 2.75, p = .044)

with the effect depending on the sampling week (F5,33 = 3.12,

p = .021). Similarly, the species diversity (qD) of samples varied

among traps (ANOVA, F4, 255 = 8.75, p < .001) with the effects

depending on the sampling week (F1, 255 = 6.36, p = .012;

Figure S6c–h).

Increasing the number of traps raised the average species diversity

(0D) of a compositionally distinct week (ANOVA, F1,17 = 358, p < .001)

and site (F1,17 = 210, p < .001) as well as the region (F1,17 = 191,

p < .001) by more than 95% (Figure 2a). The average number of com-

positionally distinct sites (0Db2) only decreased by 2% (1.87 � 0.003

CU) when the number of traps was increased (ANOVA, F1,17 = 67.7,

p < .001) and all species were considered equally (Figure 2b). Average

beta diversity (2Db2) was 12% lower (1.63 � 0.03 CU) when only dom-

inant species were considered (ANOVA, F2,53 = 50, p < .001), but it was

unaffected by the number of traps (F1,17 = 0.00, p = .99). Additionally,

the average number of compositionally distinct weeks (0Db1)

decreased by 9% (4.28 � 0.06 CU) as trap number increased (ANOVA,

F1,17 = 5.74, p = .03). However, variation across weeks did not reflect

F IGURE 1 Proportion of the 8,193 species (a) and 51,596 specimens (b) from Cusuco National Park belonging to particular arthropod taxa.
The inner- to outer-most circles indicate the proportions of species or specimens belonging to each class, order and family, respectively. Taxa
are overlaid across circles and arranged alphabetically from the “12 o’clock” position. Only taxa with >100 species are labelled alongside their
respective annulus. White arrows indicate the portion of species and specimens of Cecidomyiidae, the most abundant and species-rich family
[Colour figure can be viewed at wileyonlinelibrary.com]
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real compositional units in the community as beta diversity did not

show a significant change after accounting for random sampling (Fig-

ure 2b). These results suggest that, despite stochastic variation in the

species sampled by each trap at a site, estimates of beta diversity

based on a single Malaise trap are valid.

3.3 | Shifts in diversity across external gradients—
geographic vs. elevational distance

Beta diversity was then considered among the five sites with single

traps, an analysis that considered 35,245 specimens and 6,645 spe-

cies (Table 2, Figure S7). While the number of samples varied from 5

to 30 among sites, rarefaction curves indicated that the mid- and

higher-elevation sites displayed similar species accumulation pat-

terns, and were less diverse than the lower-elevation sites (Fig-

ure S5c). Beta diversity (0Db) indicated 4.0 compositionally distinct

sites but, despite the very low proportion of species shared (Fig-

ure 3a), the compositional dissimilarity (1–�C) between samples

among sites revealed clear separation on the first axis in the NMDS

ordination between the lower-, mid- and higher-elevation sites (PER-

MANOVA, F1,83 = 10.9, p = .005, r2 = .12) (Figure 3b). Average

compositional dissimilarity between sites decreased from

0.87 � 0.02 to 0.79 � 0.04 with increasing q. While dissimilarity

was reduced, similar patterns were apparent when only dominant

taxa were considered (1–2C) (PERMANOVA, F1,83 = 20.0, p = .005,

r2 = .18). These results suggest that elevation has the most impor-

tant impact on species composition as sites were more similar to

their elevational counterparts on the other side of the park than to

their closest neighbours.

3.4 | Temporal dynamics of tropical communities—
Base Camp and Guanales

Temporal patterns were evaluated using the 24,932 specimens col-

lected at the mid- and lower-elevation sites between 2012 and 2015

(Table 2, Figure S7). BIN analysis of the sequences revealed 5,006

species with 1,977 and 3,551 species at the mid- and lower-elevation

sites, respectively. Samples from the lower-elevation site had higher

species richness (ANOVA, F1,51 = 11.8, p = .001), and richness values

were stable among the annual samples from each site (F3,51 = 2.46,

p = .07). Beta diversity estimates indicated 1.81 compositionally dis-

tinct sites (0Db2) and 2.62 compositionally distinct years (0Db1) with all

species considered equally. This heterogeneity reflects the high com-

positional dissimilarity (1–°C) between sites (0.81) and years

(0.66 � 0.02). Diversity decreased to 1.31 compositionally distinct

sites (2Db2) when only the dominant species were considered indicat-

ing that beta diversity was lower after 4 years of sampling than with

replicate traps (1.63 � 0.03) deployed in 2015. This result suggests

that temporal sampling is important to accurately reveal species

overlap.

3.4.1 | Temporal shifts in species diversity

The maximum abundance of a species in any year at both sites was

associated with its temporal occurrence; abundant species tended to

occur in more years (Figure 4a). Despite the limited duration of sam-

pling, the arthropod communities appeared to separate into two

groups: core species (found in all 4 years) that followed a log-normal

species abundance distribution (Figure 4c) and transient species

(<4 years) that approximated a log-series abundance distribution

(Figure 4d). Of the 3,218 species (64%–66%) that overlapped

between the 4-year data set and the three-trap replicate data set at

the two sites, transients comprised 97% of those found in less than

three traps and were responsible for elevating the local composi-

tional differences among traps. The core species only represented

5%–7% of all taxa, but comprised 44%–53% of all specimens. On

average, core species were present in 12 of the 30 samples, display-

ing moderate variation in abundance among years (CVmid-elev = 0.69;

CVlower-elev = 0.66).

The three families with the most core species were all dipterans

(Sciaridae > Cecidomyiidae > Chironomidae; Figure S8). While the

Sciaridae showed little seasonal variation in their proportional abun-

dance, the numbers of Cecidomyiidae increased while the Chirono-

midae decreased during the sampling period in all four years at both

Region (γ)

Site (α2)

Week (α1)

(b)

(a)

Week
(β1)

Site
(β2)

***

F IGURE 2 Effect of increasing the number of Malaise traps per
site on the species diversity of the region (0Dc), of a compositionally
distinct week (0Da1) and site (0Da2) (a) as well as the corresponding
average standardized beta diversity of weeks (0Db1) and sites (0Db2)
(b). Values are standardized by each components’ maximum; beta
diversity has a minimum value of 1.0 when all effective species are
shared and a maximum value equivalent to the number of sampling
units (nsite = 2, nweek = 8) when no effective species are shared. The
error bars indicate the standard error and the significance of each
component was evaluated based on 1,000 individual-based
randomizations of the community data matrix. *p < .001 [Colour
figure can be viewed at wileyonlinelibrary.com]
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sites. By comparison, the three hymenopteran families with the most

core species (Ichneumonidae > Platygastridae > Formicidae) showed

no significant seasonal shifts. While the proportional abundance of

core arthropod families showed limited variation between sites and

years, more pronounced variation was evident at the species level

(Figure S9), indicating that analysis at the family-level obscured

important aspects of faunal turnover. Members of two orders

(Diptera > Entomobryomorpha) dominated the 87 species that were

represented by more than 29 individuals (the minimum number of

samples per site). Among them, 83 taxa were collected at only one

site while four were shared.

3.4.2 | Pattern of temporal turnover

Compositional similarity (qC) between samples in a year (D years = 0)

was low, averaging 0.26 � 0.02 to 0.51 � 0.03 with increasing q.

1,731
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688

702

1,977

349

1,715

3,551

Stress = 0.138

1,731

251

750

93

688

702

1,977

349

1,715

3,551

Stress = 0.138

(a) (b)

F IGURE 3 Chord diagram illustrating the total species richness and overlap of the 6,645 arthropod species across the five sites in Cusuco
National Park, Honduras (a). Two-dimensional NMDS of the 84 weekly samples based on arthropod species compositional dissimilarity (1–�C)
(b). In the chord diagram, the width of each wedge indicates the species richness of each site with values atop the outer circle, the internal
humps indicate the number of species unique to each site, while the arcs connecting sites reflect the number of shared species. Symbols in the
NMDS plot indicate the different years (2012: �, 2013: &, 2014: ♦, 2015: N) [Colour figure can be viewed at wileyonlinelibrary.com]

(a) (b) (c) (d)

F IGURE 4 The pattern of abundance and temporal persistence of arthropod species at the mid- (white) and lower-elevation (grey) sites in
Cusuco National Park. The relationship between the number of years each species was observed and its maximum abundance (log2) in any one
year (a). Core and transient species are defined as those present in all 4 or <4 years, respectively. The species abundance distribution (log2) of
all species (b), of the core species (c) and of the transient species (d). The frequency of each abundance class predicted with a log-normal (c)
and log-series (d) model shown for the mid- (open circles) and lower-elevation (closed circles) sites. Models for the abundance distribution at
each site are based on the lowest AICc value
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While regression models of the interannual turnover on temporal

distances between 0 and 3 years were significantly different

between sites (t2518 = 7.9, p < .001), a tendency for a cyclic pattern

was observed at both sites for all values of q (F4, 2518 = 334,

p < .001, r2 = .35) (Figure 5). This pattern was more apparent (nar-

rower curvature) at the lower-elevation site and when abundant spe-

cies were weighted more heavily resulting in differences between

the core and transient species in the community (Figure S10). Over-

all, the compositional similarity of the communities showed evidence

of convergence after an initial, gradual divergence over time. This

return towards a baseline state with increasing time lag suggests sta-

bility; quadratic regression models at the mid-elevation site indicated

that similarity for the dominant species in the community would

return to initial levels every 7.0 years while at the lower-elevation

site, it would take 3.5 years.

Linear regression indicated a significant increase in temporal

turnover with increasing temporal distance (D days) when consider-

ing the effects of both site and q for both three traps per site in a

year (F3, 446 = 115, p < .001, r2 = 0.44) and one trap per site over

four years (F3, 569 = 159, p < .001, r2 = 0.46; Figure S11). This rela-

tionship was weaker at the lower-elevation site, particularly for the

dominant species (2C). However, when accounting for interannual

variation, the rate of change in temporal turnover, that is, the slope

of the distance–decay graph, decreased. The initial similarity

between samples among replicate traps in a year, when considering

all species equally (0C) was halved in 71 days at both sites. When

only the dominant taxa were considered (2C), values decreased to

41 days at the mid-elevation site and increased to 84 days at the

lower-elevation site. But when considering one trap per site pooled

over 4 years, initial similarity was halved in 80 days at both sites

when accounting for all species equally (0C) and in 53 days for the

dominant taxa (2C) at the mid-elevation site with no significant decay

at the lower-elevation site. These results indicate that variation

among years weakened the relationship between effective species

turnover and distance over time at intra-annual scales (r2mid-

elev = 0.41 vs. 0.10, r2 lower-elev = 0.05 vs. 0.02).

4 | DISCUSSION

Although knowledge of spatial and temporal variation in species

composition is essential to understand patterns of species diversity

in arthropod communities, few prior studies have examined them.

This study provides information on the spatio-temporal variation in

abundance of 8,193 species in a tropical montane ecosystem.

Results indicate that while spatial heterogeneity underlies the high

beta diversity of these communities, baselines of temporal turnover

are likely stable and that species can be divided into core (found in

0Clower-elev = 0.22 – 0.044 x + 0.007 x2

p < .001, r2= .35

1Clower-elev = 0.35 – 0.12 x + 0.030 x2

p < .001, r2 = .28

2Clower-elev = 0.49 – 0.29 x + 0.082 x2

p < .001, r2 = .31

0Cmid-elev = 0.27 – 0.047x + 0.005 x2

p < .001, r2= .35

1Cmid-elev = 0.42 – 0.086 x + 0.007 x2

p < .001, r2 = .41

2Cmid-elev = 0.52 – 0.19 x + 0.027 x2

p < .001, r2 = .30
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F IGURE 5 Change in temporal
turnover, expressed by compositional
similarity (qC) between samples over time,
with temporal distance (D years) for
arthropods at the mid- (left) and lower-
(right) elevation sites. Estimates of 0C
(Sørensen) weight rare species more
heavily, while those for 1C (Horn) weight
species by their proportional abundance
and 2C (Morisita–Horn) weight abundant
species. A similarity value of 1.0 indicates
complete species overlap between
samples. Models for the distance decay at
each site are based on the lowest AICc

value
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all 4 years) and transient (found in <4 years) taxa that differ in their

contribution to the species abundance distribution and to the tem-

poral stability of the community (Hercos et al., 2012).

Shifts in the abundance of the core taxa both within and between

years produced temporal variation in the community. Single core taxa

were only represented in 40% of the samples, a pattern similar to that

detected in the lowland rainforests of Australia where the dominant

(i.e., most abundant) beetle species were represented in 56% of sam-

ples over a 4-year interval (Grimbacher & Stork, 2009). This variability

in community composition might reflect limited temporal access to

required resources (Tylianakis, Klein, & Tscharntke, 2005; Wolda &

Fisk, 1981) as the temporal persistence of core taxa can be much

higher when resources are consistently available (Novotny & Weiblen,

2005). For example, a 6-year study in Papua New Guinea revealed that

host-specific caterpillars (Lepidoptera) were present 11 months per

year (Novotny et al., 2002). Climatic variation can also influence

occurrence patterns and most tropical forests show strong seasonality

in rainfall regimes (Kishimoto-Yamada & Itioka, 2015). Such variation is

often associated with a high rate of change of temporal turnover in

their insect communities. For example, similarity values for insect com-

munities at a lowland rainforest site in Panama were halved in 76 days

between the dry and wet seasons (Basset et al., 2015). The present

results revealed a similar rate of change with community similarity val-

ues halved in 84 days at the lower-elevation site vs. 41 days at the

mid-elevation site. While these rates of change in intra-annual turn-

over may reflect seasonal effects, the duration of sampling likely also

had an effect as the distance–decay relationships in studies with brief

sampling intervals tend to show higher rates of change (steeper slopes)

and lower goodness of fit when compared with more prolonged sam-

pling (Steinbauer, Dolos, Reineking, & Beierkuhnlein, 2012).

Climate can also have a strong influence on the extent of inter-

annual variation in community composition. For example, leaf beetles

(Chrysomelidae) examined across seven years in Borneo experienced

larger inter- than intra-annual variation associated with an El Ni~no-

Southern Oscillation (Kishimoto-Yamada et al., 2009). Our results

revealed significant effective species turnover between years

(1–0C = 0.66) with 54% of the species diversity (0Db) not shared

among years at a site, a value similar to those for ant species in

Ecuadorian cloud forests (51%–56% of species not shared among

years; Donoso, 2017). By contrast, fruit-feeding butterflies in low-

land Costa Rica and Ecuador revealed much lower temporal turnover

(1–0C = 0.24), but strong seasonal patterns correlated with tempera-

ture and precipitation (DeVries, Alexander, Chacon, & Fordyce,

2012; DeVries & Walla, 2001). The high temporal heterogeneity in

our study gained further context from our sampling of single sites

simultaneously with three Malaise traps. The effective species turn-

over for dominant taxa (1–2C) between weekly samples across traps

averaged 0.50 � 0.02, supporting the high initial values (D year = 0)

across the present interannual distance–decay models (1–2C = 0.51)

as well as in Panamanian arthropod communities (1–2C = 0.49; Bas-

set et al., 2015). If 0.50 is taken as a reference point for temporal

turnover of dominant species in highly diverse, arthropod communi-

ties, that is, turnover with time kept constant, then the distance–

decay models indicate that the turnover between years is less

extreme (range: 1–2C = 0–0.30). However, even with modest tempo-

ral heterogeneity, the timescale of sampling will influence diversity

estimates and spatial comparisons. For example, our results indicated

that the beta diversity for dominant taxa (2Db) decreased by 27%

when sampling extended across 4 years, but by only 2% when multi-

ple traps were deployed at sites in the same year. These patterns

need to be considered when interpreting studies on tropical arthro-

pod communities which are often based on brief sampling efforts

that are assumed to represent general community patterns.

While species abundances were temporally dynamic, the change

in average compositional similarity (DqC) with time increased after an

initial, gradual decline across increasing interannual distances, partic-

ularly at the site with higher species diversity. A similar change in

community similarity of fruit-feeding butterfly species was noted in

Costa Rica with stabilization after a sharp decline at short temporal

distances (Grøtan, Lande, Chacon, & DeVries, 2014). Density-depen-

dent interactions can produce such temporal stability as evidenced

by collembolan taxa in temperate forests (Kampichler & Geissen,

2005), but high species diversity likely also contributed, as more

diverse assemblages have less compositional changes through time

(White et al., 2006). This relationship indicates that diversity either

promotes stability or that environmental factors that affect diversity

also reduce temporal variability (Shurin, 2007; White, Ernest, & Thi-

bault, 2004; White et al., 2006). While beta diversity can be posi-

tively associated with temporal stability at the community level,

patterns can differ among taxa (Mellin, Bradshaw, Fordham, & Caley,

2014). In contrast, variability in the abundance of taxa can also dis-

play directional changes. Work on Ecuadorian butterflies indicated

that processes operating most strongly during the dry season main-

tained high compositional similarity across years, but a gradual

decline occurred due to long-term changes in species abundances

(Grøtan, Lande, Engen, Saether, & DeVries, 2012). Similarly, ant com-

munities in an Ecuadorian cloud forest showed a weak directional

change (Donoso, 2017). While our data support stability in commu-

nity composition, continued monitoring is essential to understand

the long-term trajectory of these patterns.

Climate change is likely to have a particularly strong effect on

the biota of tropical mountains as large shifts in community compo-

sition occur over narrow elevational bands (Hodkinson, 2005; Jan-

zen, 1967). Elevational heterogeneity was exceptionally high in our

study as compositional dissimilarity (1–0C) averaged 85% between

sites just 400 m apart. While similar dissimilarity values have been

reported for Australian ants (Nowrouzi et al., 2016), Brazilian (Perillo,

Neves, Antonini, & Martins, 2017) and Costa Rican wasps (Kumar,

Longino, Colwell, & O’Donnell, 2009), values around 50% are typical

for tropical montane insects over a similar elevational range (Fisher,

1996; Garc�ıa-L�opez, Mic�o, & Galante, 2012; Garc�ıa-L�opez, Mic�o,

M�urria, Galante, & Vogler, 2013; Olson, 1994; Rodr�ıguez-Casta~neda

et al., 2010; Yeates & Monteith, 2009). Interestingly, the biotas of

some lowland tropical forests have shown far lower beta diversity

(Basset et al., 2012; Novotny et al., 2007). Climate fluctuation in

tropical lowlands causes landscape changes on such a large spatial
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scale that long-range dispersal is essential for species to track their

preferred habitat, leading to greater homogenization of species com-

position (Bush, 2002). By contrast, species in montane settings can

access suitable habitat by small shifts along elevational gradients

maintaining the heterogeneity of species composition (Bush, 2002;

Colwell, Brehm, Cardelus, Gilman, & Longino, 2008). Because direct

comparison of dissimilarity values among studies is difficult due to

the use of different indices, the documentation of general patterns

will be difficult without the adoption of standard measures of beta

diversity (see Tuomisto, 2010a) or the deposition of raw data in

easily accessed archives.

The high beta diversity values reported in this study are

undoubtedly due, in part, to the use of DNA barcoding for species

discrimination. Not only did it enable comprehensive identifications,

it certainly detected many species that would otherwise have been

overlooked. For example, by revealing cryptic species, DNA barcod-

ing led to a 43% increase in the beta diversity of moth communities

along an elevational gradient in the Andes when compared with

morphological approaches (Brehm et al., 2016). As nearly all prior

studies have employed morphological analysis, beta diversity, partic-

ularly in tropical ecosystems, has likely been greatly underestimated.

Aside from adopting a DNA-based approach for species identifi-

cation, it is crucial that data on community composition be acquired

with standardized collection methods to enable comparison among

sites and studies. The present study is among the first to employ

replicate Malaise traps to sample tropical arthropod communities.

Our results indicate that single traps generate results similar to those

from more intensive sampling, enabling investigations of beta diver-

sity. Our results also reinforce conclusions based on studies that

examined only selected arthropod taxa. For examples, short-term

Malaise trap studies were found to reliably monitor dipteran commu-

nities along Norwegian streams (Diserud, Stur, & Aagaard, 2013) and

to reveal diversity patterns in Mesoamerican ichneumonid faunas

that corresponded with well-documented trends (Veijalainen et al.,

2014). However, a major increase in sampling effort will be needed

to comprehensively document biodiversity. For example, the present

results indicate that a million specimens will require analysis to

reveal the Malaise-trappable portion of the arthropod fauna in the

~30 km2 area encompassing the five study sites. Assuming that

levels of spatial and temporal heterogeneity are representative of

the 77 km2 core zone of the park, 2.4 million specimens might

require analysis to encounter the 36,640 estimated species. Even

this total will represent only a fraction of the complete arthropod

community because Malaise traps only collect certain groups. Among

14 collection methods used in an intensive survey in Panama,

Malaise traps collected 19% of the total species richness (Basset

et al., 2012). If Malaise traps have revealed a similar proportion of

arthropod diversity in Cusuco National Park, some 193,000 species

of arthropods may occur in the 77 km2 area. While the use of more

trapping methods would optimize assessment of community diversity

(Basset et al., 2015; Missa et al., 2009), it would compromise compa-

rability, a crucial matter in long-term or large-scale studies.

Understanding temporal patterns in community composition is

vital to anticipate how communities will respond to environmental

change (Buckley, Tewksbury, & Deutsch, 2013; Lewthwaite, Debinski,

& Kerr, 2016). In addition, distinguishing between transient and core

species is crucial as, without such knowledge, the loss of diversity in

core species may be masked by an increase in the diversity of transient

species. A better understanding of the potentially different responses

of core and transient species to environmental perturbations is also

needed. Although transient species can help to maintain local biotic

diversity and ecosystem function in the face of environmental change,

their role needs to be quantified. Furthermore, it is important that

future research employ standardized approaches for sampling and

identifying species to clarify temporal variation in community compo-

sition. The biodiversity baselines established through such work will

advance understanding of the processes that underpin community

assembly and will inform management plans for habitats at risk.
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